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1.0 Background

Significant amounts of radioactive Cs and Sr in unacceptable levels have contaminated the
environment through anthropogenic activities such as mining, nuclear weapons testing, discharges
from nuclear power plants or ships, and accidental release like Fukushima nuclear power plant
accident in 2011 (lllman, 1993; Wilson, 1997; Dyer, 2000; Zheng et al., 2012). After the Fukushima
accident, soils of Fukushima were characterized as contaminated soils. Radioactive *°Sr and **'Cs
which are beta and strong beta-gamma emitters respectively are produced by nuclear fission and are
un-biodegradable with half-lives of 29 and 30 years respectively causing shielding challenges (Tiwari
et al., 2006). This means the contaminated soils have to be kept for at least 100 years in designated
repositories. Implying the radioactive contaminated agricultural soils would no longer be available for
agricultural use for at least 100 years. Furthermore, Cs* and Sr** are easily engaged into K* and Ca**
metabolic cycles respectively due to their high biological availability potential of accumulating in
plants and animals. Once radioactive Cs and Sr are in human body through food chain pathways, they
have high risk of carcinogenic effect i.e. skin cancer and leukemia respectively (National Research
Council, 1981; Irwin et al., 1997).

In Japan, after the Fukushima accident, it is calculated that 15750 acres of paddy rice and 5000
acres of upland fields excluding forest soils in Fukushima alone were characterized by radioactive Cs
concentrations of above the threshold of 5000 Bg kg™ in contaminated soils (TAEA, 2011).
Radioactive contamination is likely to continue through mining activities, authorized discharges and
possible future nuclear accidents and wars. Hence, in order to reduce the risk of radioactivity
hazardous in environment and to human beings, it is vital to remove radionuclides from contaminated
soil and water. Currently, several different technologies have been developed for use in the removal of
radionuclides from nuclear wastes that include: precipitation, ion exchange, phytoextraction, reverse
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osmosis, electrodialysis, vacuum evaporation, solvent extraction and carbon adsorption (Erdem et al.,
2004; Alvarez-Ayuso et al., 2003; Semmens and Martin, 1988). However, adsorption and ion-
exchange work rather well and are commonly used because of their ease of use, simple and robust
design. The only challenge is that the use of ionic-exchange organic adsorbents such as activated
carbon and ion-exchange resins cannot be regenerated, are expensive and not feasible for use in small-
scale operations or in developing countries where resources may be limited (Gallant and Prakash,
2009). Furthermore, adsorbents used to clean nuclear wastewater and contaminated water bodies
generally have to be stored for many years before they are no longer hazardous and are safe for
disposal by traditional means.

Recently, there has been a push to find efficient and low-cost adsorbents. Some of the materials
considered include peat moss and dead biomass (Babel and Kurniawan 2003; Baily et al., 1999).
However, they have in most cases inferior properties such as thermal stability. On the other hand, use
of inorganic ion exchangers such as natural clays and zeolites are more promising in the radioactive
waste management and remediation of polluted water bodies. They have high cation exchange
capacity (CEC), high cation selectivity and specificity, capability of retaining or fixing radionuclides,
offer superior chemical stability and possess fairly good radiation and thermal resistance capacities
(Abdel Rahman et al., 2011; Tiwari et al., 2006). These characteristics are simply not achievable with
organic compound ion-exchangers. Inorganic ion-exchangers can be used to remove both Cs and Sr
with a high level of selectivity under a broad pH range. They can operate at acidic pH where protons
inhibit ion exchange in alternative technologies such as crystalline silicotitanate (CST).

Currently, in terms of soil radioactive decontamination, there are primarily two methods being
used to reduce human exposure to radioactive contamination: a) phytoremediation which uses plants
and is primarily very inefficient (i.e. in the Chernobyl accident, only 0.05% of Cs* was removed by
sunflowers), slow and expensive for it requires incineration facilities (IAEA, 2011; Dushenkov, 2003;
Su et al., 2008); b) soil excavation option which involves removal of the radioactive contaminated top
soil layer (i.e. 400 ton/ha), keeping the removed contaminated soil for at least 100 years in designated
repositories and is very costly with adverse effects on soil biological activities and ecosystem (IAEA,
2011). Recently, synthetic magnetic inorganic adsorbents have shown to be relatively effective with
utmost 60% Cs* decontamination from contaminated soil (Aono et al., 2013; Maca's ek et al., 2002).
However, the technology is likely to be very expensive and complicated. Hence, there is an urgent
need to develop simple, low cost and effective methods for radioactive decontamination that can also
be used by developing countries where resources may be limited. Use of natural zeolites could be one
of the best and cheap ways.

Zeolites are well known molecular sieves with different pores/cavities, high cation exchange
capacity, strong specific cation adsorption selectivity and high affinity towards specific cations such as
Cs" and Sr**. And this makes zeolites to be more effective, selective and superior adsorbents and
catalysts for separating specific ions in aqueous system or molecules from air (Bonelli et al., 2000;
Abdel-Rahman et al., 2011; Kim, 2003). As such, zeolites are used as adsorbents of cationic elements
in the radioactive decontamination process of water and others. Along with the use of zeolites as
catalyst, they are utilized to adsorb and remove various cations in aqueous system at a wide range of
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aqueous pH (Munthali et al., 2014). Furthermore, negative charges present in the structural
frameworks of zeolites are saturated by specific cations to modify their physicochemical and catalytic
properties thereby broadening their applications. The efficiency of zeolites in their use is primarily
dependent on their pore/cavity sizes and amount of negative charge derived from isomorphous
substitution of Si by Al. This means their cation adsorption capacity under different ion coexistence at
different pH is likely to vary much. However, the phenomenon is not well understood and how the
amount of negative charges are affected at different pH. Therefore, evaluation studies on cation
adsorption properties of zeolites and development of radioactive decontamination method using
zeolites were done. Adsorption behaviour of H*, Li*, Na*, K*, Rb" and Cs* on Li*, Na’, K*, Rb" and
Cs'-saturated Linde-type A, Na-P1, mordenite, X type and Y type zeolites were evaluated at different
pH—pM, where pH—pM is equal to log {(M")/(H")} and M" represents either Li*, Na*, K*, Rb" or Cs”.
The cationic adsorption selectivity sequences of the zeolites were also determined. Furthermore, the
radioactive decontamination methods were developed for the decontamination of radioactive Cs* and
Sr®* from contaminated water and soil using the zeolites.

2.0 Materials and Methods

Linde-type A, Na-P1, mordenite, faujasite X and faujasite Y zeolites with different Si/Al ratios,
crystal structures and amount of charge densities were used in this study. All standard analytical
chemical reagents and zeolite samples used in this study were purchased from Wako Chemicals Ltd,
Japan except for Na-P1 zeolite sample which was synthesized in this study.

2.1 Preparation of Li*, Na*, K*, Rb™ and Cs*-Saturated Zeolites

In respective 250 mL centrifuge bottle, 10 g of each added zeolite samples were washed five
times with 150 mL of 1 M chloride solutions of Li*, K*, Rb* or Cs" to saturate the zeolites with the
alkali metal cation. Thereafter, the contents were washed twice with 150 mL of water and then washed
once with 100 mL of acetone, air-dried, and used as samples. Cations contained in the samples were
exchangeable alkali metal cation, and free Li*, K*, Rb" or Cs" as chloride salt. The sum of
exchangeable and free Li*, K*, Rb* or Cs* content of the sample (hereafter Li*, K*, Rb* or Cs* content)
were determined by washing 1 g of the sample with 30 mL of 1 M NH,4CI in a 50 mL centrifuge bottle
for seven times. Water content of the samples was determined by heating at 105 °C for 3 h. The
content of Si and Al of the samples was determined after dissolution with hydrofluoric acid.

2.2 Determination of CEC of Zeolites at Different pH

One gram of Li*, Na', K*, Rb* or Cs"saturated Linde-type A, Na-P1, mordenite, faujasite X or
faujasite Y was put into a 250 mL centrifuge bottle, and 200 mL of 0 to 7.5 mM HCI solution was
added. To obtain CEC values at higher pH, 200 mL of 0 to 5 mM LiOH, KOH, RbOH or CsOH
solution was added instead of HCI solution. The mixture was shaken for 3 h at 25 = 0.5 °C,
centrifuged at 2000 g, and the concentration of the alkali metal and pH of the supernatant were
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measured. Preliminary experiments revealed that the Na* concentration and pH of the supernatant
became constant within 3 h, and the measured Li*, K*, Rb* or Cs" concentration and pH are hereafter
referred to as equilibrium Li*, K*, Rb* or Cs* concentration and equilibrium pH, respectively. The
CEC (the amount of alkali metal cation retention) of the respective samples were simply calculated
from the difference between the content of each alkali metal cation of the samples and the amount of
the alkali metal cation in the supernatant solution. Also Al and Si concentrations were measured in the
supernatant to check the dissolution of zeolite samples. The quantifications of the metals were done by
using atomic absorption spectrophotometer (Hitachi Z-5000). Powder X-ray diffraction patterns of the
samples before and after the CEC determination were obtained with a Rigaku Ultima IV X-ray
diffractometer with Cu-Ka radiation generated at 40 kV and 40 mA, between 3-60° of 20 angles with a
sampling width of 0.02° and a scanning rate of 2° minInterms of decontamination of radioactive Cs
and Sr from water, 30 mL of a mixed solution containing up to 15 mg L™ of non-radioactive Cs* or Sr*
and up to 0.50 M of Na* or K* was mixed with 0.5 g of Linde-type A, Na-P1, faujasite X, faujasite Y
and mordenite. The reaction time was 1 h. In case of soil decontamination, zeolites were coexisted
with contaminated soil in the presence of the extracting salt solution. Different variables such as
solid/solution ratio, time, concentration, pH, zeolite species and method of coexistence were
evaluated.

2.3 Cs* and Sr?* Decontamination experiments from water

Preparation of Na'-saturated samples of Linde-type A, Na-P1, faujasite X, faujasite Y and
mordenite was done by washing the zeolites with a 1 M NaNO; solution, followed by washing with
water. The prepared zeolite samples had the amounts of isomorphous substitution of 5.56 mmol g™ for
Linde-type A, 4.40 mmol g™ for faujasite X, 4.29 mmol g™ for Na-P1, 2.40 mmol g™ in faujasite ,
and 1.76 mmol g™ for mordenite. Each 0.5 g of the Na'-saturated zeolite was put into a 50 mL
centrifuge bottle, and a 30 mL of nitrate solution containing 0 to 15 mg L™ Cs* or Sr** (Cs™: 0 to 113
uM, Sr**: 0 to 171 uM) was added. In the solution, 0.05, 0.10 or 0.50 M of NaNO; or KNO; coexisted.
We must note here that the amount of positive charge of Cs* and Sr** added was less than 1.2% of the
negative charge of the zeolites. The bottle was shaken in a water bath for 1 h at a constant temperature
of 25 + 0.2 °C, and centrifuged at 2000 g for 10 min. The reaction time of 1 h was determined in the
preliminary experiments. The concentrations of Cs* and Sr**in the supernatant were measured by an
atomic absorption spectrophotometer (AAS: Hitachi Z-5000), and the amounts of adsorption of Cs*
and Sr** were calculated from the difference between their initial and final concentrations.

2.4 Calculation of distribution coefficient (Ky)

Another experiment was set up similar to above with a fixed initial Cs* and Sr** concentration of
10 mg L™ under the same temperature of 25 °C. The data from this experiment was used to calculate a
distribution coefficient (Ky) (Sangvanich et al., 2010) and adsorption ratio. The distribution coefficient
(Kq) was calculated by the following equation.
Kg (ML g™) = [(Ai_A) | A] x VIM 1)
Where A is initial concentration of Cs* or Sr** (mol L™), Ay is equilibrium concentration of Cs* or Sr**
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(mol L™, V is volume of solution phase (mL) and M is mass of the adsorbent (g) (EI-Naggar et al.,
2008).

2.5 Development of radioactive decontamination method using vermiculite

Simulated decontamination experiments of Cs- and Sr-contaminated soils were carried out by
using a vermiculite sample (>150 um). The CEC of the vermiculite sample was measured by the
method of Barshad and Kishk (Barshad and Kishk, 1970). The vermiculite sample was washed with
water, air-dried, and CsNOj3; or Sr(NOs), solution was added to obtain Cs- or Sr-retaining vermiculite:
the amount of retention of Cs and Sr was set to 60 mg kg™. The Cs- and Sr-retaining vermiculites were
washed with water, air-dried, and used as simulated Cs- and Sr-contaminated soils. Two methods
(direct and indirect) were used in the removal of Cs from the contaminated soils. Both methods
involved the coexistence of vermiculite and mordenite in the presence of the extracting solutions; tea
bag method and direct method. Then 2 g of the Cs-retaining vermiculite was mixed with 2 g of
Na*-saturated mordenite (< 90 um) in a 250 mL polyethylene bottle, and 60 mL of 0.3 M KClI solution
was added. The contents were shaken for 3 h, and vermiculite and mordenite were separated each
other by wet sieving using a 105 um sieve. Different factors were also evaluated such as reaction time,
extraction solution types, solid to solution ratio and etc. The same experiment was also carried out by
using the Sr-retaining vermiculite and Na*-saturated Linde-type A (< 90 pm). Blank runs without the
zeolites were also conducted. The contents of Cs of Cs-retaining vermiculite and Sr of Sr-retaining
vermiculites before and after the decontamination experiment were determined by dissolving 1 g of
the vermiculites with 30 mL of 3 M HNO; at 100 °C for 3 h and subsequent determination of Cs and
Sr by AAS.

2.6 Evaluation of radioactive decontamination method using contaminated soil

Different types of Fukushima soils were used in the Cs decontamination experiments. The
method was modified by using various extracting salt solutions that included 0.3M (NH,),C,04, 0.3M
NH4NO;, 0.3M KCI, 0.3M Mg(NQO3),, Fe(NOs);, tap H,O and a mixture of 0.1M KOH and 0.1M
K4P,0O7 in the ratio of 1:1. Direct and indirect methods were used in the decontamination of Cs from
the contaminated soils. Under direct method, the soils were used either a whole or as fractionates of
large and small particles of adsorbent and desorbent. Powder mordenite was used to decontaminate
large soil particles while large mordenite was used to decontaminate small soil particles. Large
mordenite (> 250 um) was also used to decontaminate the entire soil; the soil was wet ground into fine
particles that could pass through the 250 pum sieve. The mixing of soil, extracting solution and
mordenite was done by rotational, horizontal shaking and stirring by magnetic stirrer.

3.0 Results and Discussion

3.1 Structural Stability of Zeolites with CEC Measurement
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The determination of CEC of zeolites was conducted in pH range of moderately acidic to

moderately alkaline, and so we checked the stability of zeolites i.e., if they underwent dissolution or
not in aqueous solution. We analyzed XRD patterns for each treated zeolite sample after CEC
measurement, and the results for the water (lower) and highest HCI concentration (upper) treated
samples are given in Figure 1. We also quantified the percentage Si and Al dissolved from zeolites
structural frameworks and the amounts were less than 2% for Si and 0.5% Al. The dissolution was
very minimal possibly because the reaction time was only 3 h. Analysis of XRD patterns in Figure 1 of
all zeolite samples indicated that there was neither change in their structures nor formation of new
materials. Comparison of the XRD patterns indicated that there was an increase in peak intensities of
most samples after CEC measurement.
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Figure 1. XRD patterns of zeolites after CEC measurement.

In this experiment, CEC or the amount of retention of an alkali metal cation of a zeolite is
affected not only by pH, but also by the concentration of the alkali metal cation in the solution phase.
On one hand, CEC of clays in a monovalent cation system is known to be dependent on the value of
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pH—pM (M: activity of Na* or NH,"), and this means CEC is dependent on the ratio of activities of the
monovalent cation to H*. Therefore we plotted measured CEC values against pH—pM (M: activity of
Li*, K*, Rb* or Cs"), and the plots are shown in Figure 2. Generally, the results indicated that with
decreasing pH—pM, the amounts of the alkali metals retention decreased due to the adsorption of H*
via cation exchange reaction. The adsorption selectivity of H* to the zeolites had a negative correlation
with the Si/Al ratio of the zeolites. Although each zeolite has a constant amount of negative charge, the
amount of Na* adsorption of each zeolite decreased drastically at low pH—pNa values, where pH—pM
is equal to log{(M")/(H")}. By using the plot of the amount of M" adsorption versus pH—pM, an index
of the H" selectivity, which is similar to pKa of acids, of each zeolite was estimated, and the index
tended to increase with decreasing Si/Al ratio of zeolites. These indicate that zeolites with lower Si/Al
and higher negative charge density have higher H* adsorption selectivity, and in fact, such a zeolite
species (4A and X) adsorbed considerable amount of H* even at weakly alkaline pH region.
Furthermore, in each zeolite species, Cs*-saturated zeolite showed the lowest H* selectivity, and this
suggested that Cs* had the strongest adsorption energy in the alkali metal cations. The adsorption of
H* was strongly affected by diameter and hydration energy of the alkali metal cations, and also
affected by framework type and Si/Al ratio of the zeolites. The adsorption of H* to zeolites decreases
the amount of cation retention other than H*, and may cause the elution of Si and Al into aqueous
solution.

The reason why CEC decreased with decrease in pH-pM can be well explained if we look at the
specific Bronsted and Lewis acid-base sites exist in zeolite micropores (Almutairi et al., 2013; Serykh,
2005). Considering the Lewis acid-base sites, after a proton is adsorbed through ion exchange with
Na®, the proton acts as a Lewis acid while the O between Si—O—Al acts as a Lewis base. Then the O
gives lone pair electrons to the proton which results into a negative charge neutralization due to the
formation of covalent bonding between the O and the proton (Santen and Neurock, 2009). The formed
covalent bonding results into neutral charge and a loss of negative charge in zeolite. The covalent
bonding is much stronger than the ionic bonding formed by Na" cation in balancing up the negative
charge.
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Figure 2.Change in CEC of zeolites with pH—pM. A: Li-zeolites, B: K-zeolites, C: Rb-zeolites,
D: Cs-zeolites. cmol in the unit of CEC is centimole.

3.3 Effect of Cation and Zeolite Species on Proton Adsorption

The degree of H" adsorption selectivity varied greatly and was influenced by alkali metal cation
species and by zeolite species (Figure 2). We compared the (pH—pM)g, Values for each cation saturated
zeolites and the results are summarized in Table 1. The results indicated that (pH—pM)g, Values were
different among alkali metal cation species and also among zeolite species. In general, Cs* saturated
zeolites had the lowest (pH—pM)g Value, and this indicated that H" adsorption selectivity was lowest
for the Cs™ saturated zeolite. In other words, among alkali metal cations, Cs* had the highest
adsorption selectivity toward zeolites. This result is partly explained by the hydration diameter
sequence order of the alkali metal cations, but the other four cations are not followed this order: for
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example, Rb" saturated zeolites had higher (pH—pM)q, values than K* saturated zeolites except for
mordenite.

Table 1. Effect of saturated cations in zeolites on pH—pMg, (M: Li*, Na*, K*, Rb*, Cs™).

Saturated pH—pLig pH-pNa pH—pKg, pH—pRby, pH—pCsg
zeolite
Linde-type A 5.61 5.38 5.64 6.23 3.80
X 5.90 5.75 4.30 5.59 3.21
Na-P1 434 3.64 2.47 4.42 2.53
Y 4.79 3.06 2.02 2.71 0.57
Mordenite 0.51 0.92 0.18 -0.33 -0.42

By using the data in Table 1, for each saturation cation type, the H* adsorption selectivity sequence
among the zeolite species is summarized in Table 2. In K*-, Rb*- and Cs’-types, Linde-type A had the
greatest H" adsorption selectivity, while in case of Li*- and Na'-types, the strongest H* adsorption
selectivity was in faujasite X. On one hand, in all saturation cation species, mordenite had the lowest
H* adsorption selectivity. The H" adsorption selectivity sequence of the zeolite species is also
summarized in Table 3, in which the effect of the saturation cation species was evaluated in each
zeolite species. As has been described earlier, in most zeolite species Cs’-type showed the lowest H*
adsorption selectivity. The positions of the other saturation cation types at the sequences were varied,
but the sequences of faujasite X and faujasite Y were identical. This indicated that H" and alkali metal
cations selectivity sequences were affected by the type of zeolite framework. The proton Adsorption
Selectivity of Zeolites was affected by the Si/Al Ratio of zeolites, amount of charge density in zeolites,
nature of adsorbing cations and pore sizes of zeolites. Usually the variations in Si—O—Al angles and
bond lengths, differences in crystal structures and amounts of Si—O—Si or Si—O—Al affect the ion
adsorptions of H*, Li*, Na*, K*, Rb* and Cs" on surface charge sites within and among zeolites (Noda
et al., 2008). The presence of Si—O—Si and Si—O—Al links determines the occurrence of a number of
acidic sites, and the adsorption of H* to zeolites leads to the occurrence of Bronsted acid site (Katada
et al., 2009). Adsorption of Li*, Na’, K*, Rb* and Cs* on negative charge sites and the surrounding
atoms affects the degree of Lewis basic strength differently (Sastre et al., 2010; Katada et al., 2009)
which in turn affects the H* selectivity. The attachment of Li*, Na*, K, Rb" and Cs" as a balancing
charge cation in zeolites causes variations in the H* selectivity and Lewis acidity (Hiromi and
Masakazi, 2000). This explains why the H* selectivity was different among Li*, Na*, K*, Rb" and Cs"
saturated zeolites. Furthermore, the difference in the Si/Al ratio among zeolites resulted into variations
in the amount of negative charge or cation exchange capacity (CEC) of mordenite (179 cmol kg™),
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Linde-type A (565 cmol kg™), Na-P1 (429 cmol kg™), faujasite X (461 cmol kg™*) and faujasite Y (250
cmol kg™) (Munthali etal., 2014).

Table 2: Proton adsorption selectivity sequences of zeolites: the effect of zeolite species.

Saturation H* adsorption selectivity sequence

Cation
Li* faujasite X > Linde-type A > faujasittY > Na-P1 > mordenite
Na* faujasite X > Linde-type A > Na-P1 > faujasiteY > mordenite
K* Linde-type A > faujasite X > Na-P1 > faujasiteY > mordenite
Rb* Linde-type A > faujasitt X > Na-P1 > faujasiteY > mordenite
Cs' Linde-type A > faujasite X > Na-P1 > faujasiteY > mordenite

Table 3: Proton adsorption selectivity sequences of zeolites: the effect of saturation cation species.

Zeolite H* adsorption selectivity sequence
Linde-type A Rb*-type > K*-type > Li'-type > Na*-type > Cs’-type
faujasite X Li*-type > Na'-type > Rb*-type > K*-type > Cs*-type
Na-P1 Rb*-type > Li*-type > Na'-type > Cs'-type > K*-type
faujasite Y Li*-type > Na'-type > Rb*-type > K*-type > Cs*-type
mordenite Na'-type > Li*-type > K*-type > Rb*-type > Cs"-type

3.4 Cs" and Sr** Decontamination experiments from water

In case of Cs* and Sr** adsorption selectivity among the zeolites, mordenite had the highest Cs”*
adsorption selectivity, and the selectivity had no correlation to the cation exchange capacity (CEC) of
the zeolites. In contrast, Sr** adsorption selectivity of the zeolites positively correlated with the CEC
of the zeolites: Linde-type A with the highest CEC showed the highest adsorption selectivity, and its
adsorption rate was more than 99.9% even in the presence of 0.5 M K". Adsorption selectivity
behaviours of Cs* and Sr** on Linde-type A, Na-P1, mordenite, X and Y zeolites were greatly
depended on variations in structural framework of zeolite species, concentration or activity of
electrolytes, and type of coexisting competing cations. The amount and selectivity adsorption
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behaviour of Cs" in the five zeolites was significantly influenced by differences in pore sizes while for
Sr** it was mainly influenced by variations in CEC amounts of various zeolites. The CEC had little
effect on Cs™ selectivity adsorption behaviour on the various zeolites. The sequential orders of
adsorption selectivity behaviours for Cs* and Sr?* by various zeolites were different within and among
various zeolites under different concentrations of coexisting Na* or K* in the aqueous solution. The
amounts of Cs* and Sr®* adsorption by various zeolites were different and depended on amounts of
coexisting K* or Na". In case of the binding energy was strongest for Cs* in mordenite and weakest in
Linde-type A. While for Sr?* the strongest binding energy was in Linde-type A and X and the lowest
was in mordenite and Y. The findings would help to use the appropriate zeolites species for efficient
decontamination of Cs* and Sr** under different conditions of radionuclides contaminated aqueous
environments with different electrolyte activities and coexisting cations.

3.5 Development of radioactive decontamination method using vermiculite

The results of a simulated soil decontamination experiment using Cs- and Sr-retaining
vermiculites indicated that there was generally significant decontamination of Cs* and Sr** from Cs-
and Sr-retaining vermiculites respectively due to coexistence with zeolites in the presence of the
extracting salt solution. The decontamination rates were affected by different variables that included
time and method of shaking, adsorbent type, type of extracting salt solution, particle size of adsorbent.
Powder mordenite had the highest speed of Cs™ adsorption as compared to the rest particles of
mordenite. There was about 93.5% Cs* and 98.5% Sr** decontamination from 60 mg kg* Cs-and
Sr**-retaining vermiculites respectively. The best effective condition for Cs* and Sr** decontamination
using zeolites from vermiculite was found to be use of large vermiculite (> 150 um), 0.3M KCI
extracting solution in coexistence of powder natural mordenite (< 80 pm) using wet sieving direct
contact method with horizontal shaking time of 3 h. The direct method was recommended for field
testing in the decontamination of radioactive Cs* and Sr** using the actual contaminated agricultural
soils from Fukushima.

3.6 Evaluation of radioactive decontamination method using contaminated soil

The results on evaluation of the developed radioactive decontamination method for radioactive
soil decontamination are given in Figures 3 and 4. In general, there was radioactive decontamination
from the different soil types. The rate of radioactive decontamination was affected by many factors
such as soil types (Figure 3) and extracting solution types (Figure 4). There was about 20%
decontamination in black soil and about 50% decontamination in the brownish soil. In case of
extracting solution type, about 90% of radioactive was decontaminated by tap water with Fe
pre-treatment (Figure 4).
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Figure 3. Effect of soil type on Cs decontamination from 25,750 Bq kg™ Cs-contaminated
Fukushima soil (mordenite - > 150 um).
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Figure 4. Effect of Fe(NOj); pretreating soil and extracting salt solution type on Cs
decontamination from 36,000 Bq kg™ Cs-contaminated Fukushima Soil (0.3 M Mg(NO5),
pretreated soil; Extracting solution: 0.3 M; soil: 0-90 um; mordenite: 100-250 um).
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The method was modified looking at different variables such as soil particles size, type of
extracting solution, soil pretreatment and etc. In general, there was an improvement in the rate of
radioactive decontamination. Over 90% of Cs* were decontaminated when large soil particles (>150
um) coexisted with small zeolite particles (< 75 pum) and 10-50% when small soil particles (< 150 pum)
coexisted with large mordenite particles (> 150 um) in presence of extracting salt solution depending
on soil types. However, the failure of complete radioactive decontamination from most soils was
attributed to many factors as discussed in section 3.6.

3.7 Challenges — why a failure of complete Cs decontamination in some soil types?

A failure of complete decontamination of radioactive contamination from certain soil types was
due to the reduced effective contact distance between adsorbent and desorbent in the presence of
extracting salt solution. The reduced effective contact distance possibly resulted into re-adsorption of
radionuclides after desorption by extracting salt from soil. Some of the factors affecting the effective
contact distance include:

3.7.1 Reduced surface area

Use of large mordenite resulted into reduced surface area and also sedimentation of mordenite
while fine soil particles were evenly dispersed in the extracting salt solution (Plate 1). This
phenomenon reduced effective contact distance between soil and zeolite particles in extracting
solution i.e. in case of large mordenite versus fine soil particles, it means there was more Cs
desorption and re-adsorption on soil clay particles taking place than adsorption on mordenite.

N

Powder
Fine soil mordenite
(<149pm) (<149um)
Extracting EXt's a;:ing
Salt
mordenite Large soil
(>149pum) (>149um)
High chances of re-adsorption occurring due to c)w chances of re-adsorption->

\ \ clay particles very close together / large soil not closetogetherj ‘

Plate 1. Fine clay particles dispersion in and large mordenite settling down out of the solution
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3.7.2 Coating or encapsulation of mordenite by fine clay soil particles

The small soil particles contained very fine clay particles possibly of expanding clays which were
very sticky and easily coagulated which resulted in encapsulation of mordenite by soil (plate 2). This
observation was common when solid to solution ratio of less than twenty was used. The encapsulation
of mordenite possibly blocked Cs adsorption sites on mordenite due to masking effect and also
mordenite was not freely in direct contact with the exchangeable cation present in the extracting salt
solution. In this case, it is likely that the desorbed Cs from soil in the solution was being re-adsorbed
since mordenite was encapsulated and not in direct contact with exchangeable cation. This also
explains why there was a failure of complete Cs decontamination from soil types with fine and sticky
particles.

\\, mordenite
\ B, ~ encapsulated by soil

Plate 2. Coating or encapsulation of mordenite by soil particles

3.7.3 Coating of soil and mordenite on the bottle wall

Under low ratio (< 1:15) of solid to solution, some of both coexisting soil and mordenite were
being coated on the bottle walls (Plate 3). With changing of the different bottles made of different
materials (glass, teflon and polyethylene) the same coating phenomenon still occurred. This removed
the solids from the solution and so there was reduced contact between extracting salt solution and soil
or mordenite. The efficiency of desorbing Cs from soil by exchanging cation and adsorption of Cs by
mordenite was likely reduced. Consequently, this also led to the failure of complete Cs
decontamination. However, the coating of soil and mordenite on the bottle wall did not occur when the
ratio of solids to solution was more than 20.

14




( #kxX 5 ) (Style5)

glass bottles teflon bottles polyethylene bottle

Plate 3. Coating of soil and mordenite on the wall of bottles

3.7.4 High soil electrolyte concentration

There was high electrolyte concentration of already present competing paddy soil K* and NH,"
due to applied fertilizers. Soils contained much K* and NH," from applied fertilizer i.e. measured
radioactive K™ content was too high in some soils. Use of 0.3 M extracting salt solution of K* or NH,"
just increased concentration of K* and NH," i.e. from 0.3 M to more than 0.3 M and decreased Cs
adsorption selectivity by mordenite when in coexistence with soil. Cesium and Sr adsorption on
mordenite decreased with increasing concentration of coexisting cation and cation type. Use of tap
water possibly reduces the concentration of soil K* and NH," due to dilution effect which resulted in
reduced competition between Cs* and K* or NH," for adsorption sites on mordenite.

3.7.5 Cs" fixation by clay minerals

The paddy soil contained a lot of mica and vermiculite and since the radioactive decontamination
of Fukushima soil happened some more than 4 years ago. It is possible that with time most radioactive
Cs was fixed and became difficult to be extracted. This may also explain why there was a failure of
complete radioactive decontamination. However, this factor was not examined and it is important to
re-examine the phenomenon. This may also require characterization of clay mineralogy of different
contaminated soils to know the radionuclides adsorption/desorption behaviour.
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3.7.6 Cation competition effect

The cation adsorption selectivity sequence for soil under different concentration of the coexisting
cations was not determined as the case for zeolites. It is likely that there was competition effect that
affected the adsorption/desorption behaviour on the soil clays. The screening of cation
adsorption/desorption selectivity on different soil clays i.e. vermiculite; and etc. and to compare with
those cations that have high specific adsorption selectivity by zeolites would help to improve the
radioactive decontamination rate.

4.0 Conclusions

In all examined combinations of zeolite species and alkali metal cation species, the amount of
adsorption of the alkali metal cations decreased with decreasing pH—pM, due to the adsorption of H".
The adsorption selectivity of H" was affected by both zeolite species and alkali metal cation species.
The highest H" adsorption selectivity was observed in Rb*-saturated Linde-type A, and the lowest was
observed in Cs*-saturated mordenite. There was a negative correlation between Si/Al of zeolites and
(pH—pM)g, Vvalue, implying that H" selectivity was mainly dependent on the Si/Al ratio and negative
charge density of zeolites. Proton adsorption in various zeolites caused the loss of cation retention
capacity due to formation of covalent bonding and also could lead to the dissolution of zeolites.

In case of radionuclides decontamination from water, mordenite had the highest Cs* adsorption
selectivity while Linde-type A had the highest Sr** adsorption selectivity. The adsorption of Sr**
positively correlated to the CEC values of the zeolites, and Linde-type A with the highest CEC
adsorbed more than 99% of Sr?* even in the presence of 0.5 M Na® and K. In contrast, the CEC
values of the zeolites did not relate to the Cs" adsorption selectivity.

The decontamination of Cs* and Sr** from Cs- and Sr-retaining vermiculite by washing with 0.3
M KCI was enhanced by the coexistence of mordenite for Cs and Linde-type A for Sr, and more than
90% of Cs* and Sr** were desorbed from vermiculite. In case of radioactive decontamination from soil,
there was 95% Cs* removed from the Fukushima brownish soil and 40 — 80% Cs* removed from other
types of Fukushima soils such as black soils. The Cs* and Sr** decontamination from soil were
possible due to cation exchange mechanism process. However, the results indicated that possibly other
unknown mechanisms also existed that reduced the efficiency of radionuclides removal rate from the
contaminated soils during the decontamination process. The failure of complete Cs* decontamination
in some soils was due to reduced effective contact distance between soil and mordenite in the
extracting solution.

5.0 Future targets

In order to achieve complete radioactive Cs* and Sr** decontamination from different soil types
under different chemical conditions, the following experimental modifications or improvements are
recommended given not in the order of their importance.
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e To extensively evaluate the effect of solid to solution ratios to find optimum ratio for effective
contact distance between soil and mordenite in the extracting salt solution.

e To use non sticky bottle materials to minimize coating of the solid reactants on bottle surface wall
especially under low solid to solution ratios.

e To evaluate the effect of temperature of the extracting salt solution on radioactive decontamination.

e To change the concentration of extracting salts from 0.3M to 0.1uM-0.3M of extracting solutions.

e To determine or quantify the amounts or concentration of already existing soil salts such as K* and
NH,".

e To examine the factors affecting Cs™ fixation by clay minerals over time.

e To characterize the clay mineralogy of different contaminated soils and their composition ratio.
This would help to know or understand their Cs* and Sr** adsorption/desorption behaviour and to
optimize their decontamination rates.

e To screen for cation adsorption/desorption selectivity sequences by different soil clays i.e.
vermiculite; and etc. and to compare with those that are highly selective by zeolites.

e To use cation saturated zeolites with same cation species of the extracting salt solutions.
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